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a b s t r a c t

PAHs are aromatic hydrocarbons with two or more fused benzene rings with natural as well as
anthropogenic sources. They are widely distributed environmental contaminants that have detrimen-
tal biological effects, toxicity, mutagenecity and carcinogenicity. Due to their ubiquitous occurrence,
recalcitrance, bioaccumulation potential and carcinogenic activity, the PAHs have gathered significant
environmental concern. Although PAH may undergo adsorption, volatilization, photolysis, and chemical
degradation, microbial degradation is the major degradation process. PAH degradation depends on the
environmental conditions, number and type of the microorganisms, nature and chemical structure of the
chemical compound being degraded. They are biodegraded/biotransformed into less complex metabo-
lites, and through mineralization into inorganic minerals, H2O, CO2 (aerobic) or CH4 (anaerobic) and
rate of biodegradation depends on pH, temperature, oxygen, microbial population, degree of acclima-
tion, accessibility of nutrients, chemical structure of the compound, cellular transport properties, and
chemical partitioning in growth medium. A number of bacterial species are known to degrade PAHs and
most of them are isolated from contaminated soil or sediments. Pseudomonas aeruginosa, Pseudomons
fluoresens, Mycobacterium spp., Haemophilus spp., Rhodococcus spp., Paenibacillus spp. are some of the
commonly studied PAH-degrading bacteria. Lignolytic fungi too have the property of PAH degradation.
Phanerochaete chrysosporium, Bjerkandera adusta, and Pleurotus ostreatus are the common PAH-degrading
fungi. Enzymes involved in the degradation of PAHs are oxygenase, dehydrogenase and lignolytic enzymes.
Fungal lignolytic enzymes are lignin peroxidase, laccase, and manganese peroxidase. They are extracel-
lular and catalyze radical formation by oxidation to destabilize bonds in a molecule. The biodegradation
of PAHs has been observed under both aerobic and anaerobic conditions and the rate can be enhanced by
physical/chemical pretreatment of contaminated soil. Addition of biosurfactant-producing bacteria and
light oils can increase the bioavailability of PAHs and metabolic potential of the bacterial community.
The supplementation of contaminated soils with compost materials can also enhance biodegradation

without long-term accumulation of extractable polar and more available intermediates. Wetlands, too,
have found an application in PAH removal from wastewater. The intensive biological activities in such
an ecosystem lead to a high rate of autotrophic and heterotrophic processes. Aquatic weeds Typha spp.
and Scirpus lacustris have been used in horizontal–vertical macrophyte based wetlands to treat PAHs. An
integrated approach of physical, chemical, and biological degradation may be adopted to get synergisti-
cally enhanced removal rates and to treat/remediate the contaminated sites in an ecologically favorable

process.

© 2009 Elsevier B.V. All rights reserved.
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. Introduction

PAHs are aromatic hydrocarbons with two or more fused ben-
ene rings. They are formed during the thermal decomposition
f organic molecules and their subsequent recombination. Incom-
lete combustion at high temperature (500–800 ◦C) or subjection
f organic material at low temperature (100–300 ◦C) for long peri-
ds result in PAH production. They occur as colorless, white/pale
ellow solids with low solubilities in water, high melting and boil-
ng points and low vapour pressure (Table 1). With an increase
n molecular weight, their solubility in water decreases; melting
nd boiling point increase and vapour pressure decreases [1,2]. The
hemical structures of some commonly studied PAHs are given
n Fig. 1. The common sources of PAHs in environment include
atural as well as anthropogenic. Natural sources are forest and
angeland fires, oil seeps, volcanic eruptions and exudates from
rees. Anthropogenic sources of PAH include burning of fossil fuel,
oal tar, wood, garbage, refuse, used lubricating oil and oil filters
3], municipal solid waste incineration and petroleum spills and
ischarge. They are ubiquitously present contaminants which are
oxic, mutagenic and carcinogenic [4]. PAHs were, perhaps, the first
ecognized environmental carcinogens. They do not degrade easily
nder natural conditions. Persistence increases with increase in the
olecular weight. They have gathered significant concern because

f their presence in all components of environment, resistance
owards biodegradation, potential to bio-accumulate and carcino-
enic activity. Though they are the chief pollutants of air [5], soil acts
s the ultimate depository of these chemicals. Their fate in environ-
ent includes volatilization, photo-oxidation, chemical oxidation,

dsorption on soil particles, leaching and microbial degradation [6].
The hazards associated with the PAHs can be overcome by the

se of conventional methods which involve removal, alteration, or
solation of the pollutant. Such techniques involve excavation of
ontaminated soil and its incineration or containment. These tech-
ologies are expensive, and in many cases transfer the pollutant

rom one phase to another. On the other hand, bioremediation
s the tool to transform the compounds to less hazardous/non-
azardous forms with less input of chemicals, energy, and time
7,8]. Although PAH may undergo adsorption, volatilization, photol-
sis, and chemical degradation, microbial degradation is the major
egradation process [9,10]. Microbes are known for their catabolic
ctivity in bioremediation, but changes in microbial communi-
ies are still unpredictable and the microbial community is still
ermed as a ‘black box’ [11]. The PAH-degrading microorganism
ould be algae, bacteria, and fungi. It involves the breakdown of
rganic compounds through biotransformation into less complex
etabolites, and through mineralization into inorganic minerals,
2O, CO2 (aerobic) or CH4 (anaerobic). The bioremediation of a
ollutant and its rate depends on the environmental conditions,

umber and type of the microorganisms, nature and chemical
tructure of the chemical compound being degraded. Thus, to
evise a bioremediation system, a number of factors are to be
ounted for. Both bacteria and fungi have been extensively studied
or their ability to degrade xenobitics including PAHs. The extent
. . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . 12

and rate of biodegradation depends on many factors including
pH, temperature, oxygen, microbial population, degree of acclima-
tion, accessibility of nutrients, chemical structure of the compound,
cellular transport properties, and chemical partitioning in growth
medium [12].

2. Microbial degradation

2.1. Bacteria

Bacteria are the class of microorganisms actively involved in the
degradation of organic pollutants from contaminated sites. A num-
ber of bacterial species are known to degrade PAHs. Most of them,
representing biodegradation efficiency, are isolated from contami-
nated soil or sediments. Long-term petrochemical waste discharge
harbours bacteria capable of degrading PAH to a considerable
extent. Among the PAH in petrochemical waste, Benzo(a)pyrene
is considered as the most carcinogenic and toxic. Studies have
shown that bacteria can degrade BaP when grown on an alter-
native carbon source in liquid culture experiments. Ye et al. [13]
observed a 5% decrease in BaP concentration after 168 h during
incubations with Sphingomonas paucimobilis strain EPA 505. They
also observed that resting cells of S. paucimobilis strain EPA 505
grown on nutrient agar supplemented with glucose, result in sig-
nificant evolution of 14CO2 (28%) indicating hydroxylation and ring
cleavage of the 7,8,9,10-benzo ring. Aitken et al. [14] isolated 11
strains from a variety of contaminated sites (oil, motor oil, wood
treatment, and refinery) with the ability to degrade BaP. The organ-
isms were identified as at least three species of Pseudomonas, as well
as Agrobacterium, Bacillus, Burkholderia and Sphingomonas species.
BaP has been reported to be degraded by other bacteria including
Rhodococcus sp., Mycobacterium, and mixed culture of Pseudomonas
and Flavobacterium species [15–17]. Heitkamp et al. [18] described
a bacterial isolate which was able to mineralize pyrene. Romero
et al. [19] isolated Pseudomonas aeruginosa from a stream heav-
ily polluted by a petroleum refinery. The species was found to be
actively growing over high dosages of phenanthrene with complete
removal of the pollutant in a period of 30 days. Rehmann et al.
[20] isolated a Mycobacterium spp., strain KR2 from a PAH contam-
inated soil of a gaswork plant, which was able to utilize pyrene
as sole source of carbon and energy. The isolate metabolized up
to 60% of the pyrene added (0.5 mg ml−1) within 8 days at 20 ◦C.
Cis-4,5-pyrene dihydrodiol, 4-5-phenanthrene dicarboxylic acid, 1-
hydroxy-2-naphthoic acid, 2-carboxybenzaldehyde, phthalic acid,
and protocatechuic acid were identified as degradation products
and a degradation pathway for pyrene was also suggested (Fig. 2).
Yuan et al. [21] isolated six gram negative strains of bacteria
from a petrochemical waste disposing site having the capacity
of degrading acenaphthene, fluorene, phenanthrene, anthracene,

and pyrene by 70–100% in a period of 40 days of initial treat-
ment. Two of the six strains isolated were Pseudomons fluoresens
and Haemophilus spp., the rod-shaped bacteria. Dean-Ross et al.
[22] isolated two bacterial strains (Mycobacterium flavescens and
Rhodococcus spp.) from sediments of River Grand Calumet from two
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Table 1
Physical–chemical properties of Polycyclic Aromatic Hydrocarbons (PAHs).

S. No. Name M.F. CAS registry No.a B.Pt. (◦C)a M.Pt. (◦C)a V.P. (Pa at 25 ◦C) Aqueous solubility (mg/l)b IARCc group

1 Benzo[k]fluoranthene C20H12 207-08-9 480 215.7 5.2 × 10−8 – 2B
2 Anthracene C14H10 120-12-7 342 216.4 1 × 10−3 0.015 3
3 Benzo[b]fluoranthene C20H12 205-99-2 481 168.3 6.7 × 10−5 – 2B
4 Benzo(e)pyrene C20H12 192-97-2 493 178.7 4 × 10−7 – 3
5 Fluoranthene C16H10 206-44-0 375 108.8 1.2 × 10−3 0.25 3
6 Naphthalene C10H8 91-20-3 218 80.2 11 30 n.e.
7 Phenanthrene C14H10 85-01-8 340 100.5 2 × 10−2 1–2 3
8 Benzo[ghi]perylene C22H12 191-24-2 500 277 6 × 10−8 – 3
9 Pyrene C16H10 129-00-0 150.4 393 6.0 × 10−4 0.12–0.18 3

d
P
t
f
T
t
f
c

a [156].
b [157].
c [4].

ifferent locations. Both the bacteria were found to be capable of
AH degradation with the initial reaction rates of 0.044 mg l−1 for
he Ks for pyrene mineralization by M. flavescens and 0.470 �g l−1
or the Ks for anthracene mineralization by Rhodococcus species.
he study also proposed the degradation pathway of fluoran-
hene. In both strains, metabolism of fluoranthene occurred on the
used ring of fluoranthene molecule, producing 9-fluorenone-1-
arboxylic acid.

Fig. 1. Chemical structures of som
There has been growing concern over the mounting concen-
tration of PAHs in marine environment. Mangrove sediments,
important estuarine wetlands are closely tied to human activities

and are subjected to PAH contamination. Bacteria isolated from the
mangrove sediments are known to degrade phenanthrene from 42%
to 78% with different degradation potential depending upon the
different sediments [23]. Romero et al. [19] studied phenanthrene
degradation by microorganisms isolated from a contaminated

e commonly studied PAHs.
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Fig. 2. Proposed degradation of Pyrene by Mycobacterium sp. Strain KR2 [20].

tream. Rhodotorula glutinis and Pseudomonas aeruginosa were the
revailing microorganisms utilizing phenanthrene. Cells of these
icroorganisms were inoculated in liquid mineral basal medium

nd almost complete phenanthrene transformation was observed
n the experiment during the 1-month incubation period, for both

icroorganisms. It was seen that R. glutinis was as active as P.
eruginosa at growing on phenanthrene; the aromatic hydrocarbon
egradation correlated directly to microbial density and biomass

ncrease [19]. A study carried out for decontamination of soil pol-
uted with PAHs by means of mixed microbial culture of the bacteria

rom the genera Acenitobacter and Klebsiella showed that within

months a significant reduction of 98% of the total PAH content
ook place. The concentration of the PAHs with three and four rings
ecreased to 0.5% of the original content in the soil. The concentra-
ion of most five to seven ring PAHs with carcinogenic properties
zardous Materials 169 (2009) 1–15

decreased to 3% of the original value. Daane et al. [24] isolated and
characterized PAH-degrading bacteria associated with the rhizo-
sphere of salt marsh plants. They categorized the isolated bacteria
into three main bacterial groups—gram-negative pseudomonas;
gram-positive, non-spore forming nocardioforms; and the gram-
positive, spore-forming group, Paenibacillus. They observed that
phenanthrene-enriched isolates are able to utilize a greater num-
ber of PAHs than are the naphthalene-enriched isolates. Later, they
established that bacteria belonging to genus Paenibacillus, isolated
from the petroleum-contaminated sediment and salt marsh rhizo-
sphere can use naphthalene or phenanthrene as sole carbon source
and can degrade the PAHs [25]. Verrhiest et al. [26] studied interac-
tion between a PAH mixture and microbial communities in natural
freshwater sediment. They observed that benzo(k)fluoranthene
concentration in the sediment was stable for over 28 days, whereas
phenanthrene and fluoranthene remained from 3% to 6%. The study
showed that (a) PAH induce perturbations in the microbial commu-
nities in terms of density and metabolism, (b) indigenous bacteria
might be use for toxicity assessment, and (c) native microorgan-
isms of sediments seem to have a high capacity of PAH degradation,
depending on the physicochemical properties and the availability
of substances present.

2.2. Fungi

Several fungi are known to have the property of degradation
of persistent pollutants. Cutright studied the kinetics involved in
PAH degradation by the fungi Cunninghamella echinulata var. ele-
gans and suggested that for a first order reaction-system the rate
of change in contaminant concentration is proportional to the con-
centration of contaminant in soil and the time prediction tool in
degradation is dependent on the microorganisms, the contami-
nant type and its concentration [27]. The microbial degradation by
lignolytic fungi has been intensively studied during the past few
years [28] and due to the irregular structure of lignin, lignolytic
fungi produce extracellular enzymes with very low substrate
specificity, making them suitable for degradation of different com-
pounds. The lignolytic system consists of three main enzyme groups
with lignin peroxidase, manganese dependent peroxidase, phe-
noloxidases (lacases, tyrosinases), and H2O2-producing enzymes.
Experiments with purified enzymes proved that lignolytic enzymes
are able to degrade PAHs [29]. It has been observed that lignolytic
enzymes perform a one electron radical oxidation, producing cation
radicals from contaminants followed by appearance of quinines
[30]. A study by Clemente et al. [31] investigated degradation
of PAH by thirteen deuteromycete ligninolytic fungal strains and
found that the degree of dedradation varies with a variation of
lignolytic enzymes. Maximum degradation of naphthalene (69%)
was observed by the strain 984 having Mn-peroxidase activity,
followed by strain 870 (17%) showing lignin peroxidase and lac-
case activities. Phenanthrene degradation of 12% was observed
with strain 870 with Mn-peroxidase and laccase activities. A
good level of degradation of anthracene (65%) was observed by
the strain 710. Recently, soil fungi have been studied regarding
their ability to degrade Polycyclic Aromatic Hydrocarbons (PAHs)
and produce ligninolytic enzymes under microaerobic and very-
low-oxygen conditions [32]. Low-molecular-weight PAHs (2–3
rings) were found to be degraded most extensively by Aspergillus
sp., Trichocladium canadense, and Fusarium oxysporum. For high-
molecular-weight PAHs (4–7 rings), maximum degradation has
been observed by T. canadense, Aspergillus sp., Verticillium sp., and

Achremonium sp. Such studies have found that fungi have a great
capability to degrade a broad range of PAHs under low-oxygen con-
ditions.

The monooxygenase system of cytochrom P-450 generating
epoxides may also be involved in degradation. The epoxides can be
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Fig. 3. Fungal degradation pathway of Phenanthrene using Irpex lacteus [33].

earranged into hydroxyl derivatives or they may be hydrolyzed to
icinal dihydrodiols. Cajthaml et al. [33] studied fungal degradation
roducts of PAHs by lignolytic fungus Irpex lacteus and found that
he major degradation products of anthracene and phenanthrene
ere anthraquinone and phenanthrene-9,10-dihydrodiol, respec-

ively (Fig. 3). The study also proposed the pathway for degradation
f anthracene and phenanthrene [33].

White-rot fungi (WRF) can degrade a wide range of organopollu-
ants and the degradative activity is because of the lignin-degrading
ystems of these fungi. Boyle et al. [34] found that white-rot fungi
rowing in soil did not degrade significant amounts of PAHs. How-
ver, in liquid culture they degraded many PAHs. The effect of
utrient nitrogen was also assessed because nitrogen sources are

requently added during bioremediation, but nitrogen can inhibit
he lignin-degrading system of WRF [35]. Addition of soil, sawdust,
r ground alfalfa inhibited formation of the polar metabolites, but
ad little effect on mineralization. Degradation of Benzo(a)pyrene
y WRF in liquid medium was faster by fungi that had been
xposed to PAHs, suggesting that the degaradative system was
nducible. Degradation in soil was increased by some surfactants,
hese increasing the B(a)P concentration in the soil moisture. The
esponsible factors for increased degradation could be increased
ccessibility of B(a)P to degaradative system or induction of WRF
egaradative system [34]. Among hundreds of WRF displaying lig-
olytic activity, Phanerochaete chrysosporium, Bjerkandera adusta,
nd Pleurotus ostreatus have been extensively studied. Intermediate
ompounds as quinones, hydroxyl- and dihydroxy-PAH have been
solated in degradation experiments, but it is not clear whether they

ccumulate as dead-end products. Accumulation of PAH-quinones
as reported in liquid cultures of P. chrysosporium and B. adusta

36,37] and in soil by P. ostreatus [38]. Eggen and Majcherczyk con-
luded that in aged soil contaminated with creosote, P. ostreatus
emoved Benzo(a)pyrene most extensively in first month [39]. The
zardous Materials 169 (2009) 1–15 5

most abundant fungi in polluted environments are yeasts [40,41]
and they can oxidize PAH with alternative carbon sources. The rate
of degradation of phenanthrene by Rhodotorula glutinis, yeast iso-
lated from contaminated stream was found to be almost equal to
the degradation by bacteria Pseudomonas aeruginosa [19].

2.3. Algae

Degradation of PAHs requires a consortium of microorgan-
isms and algae is no exception. Prokaryotic and eukaryotic
photoautotrophic marine algae (i.e. cyanobacteria, green algae,
and diatoms) are known to metabolize naphthalene to a series
of metabolites [42–44], though there are indications that cis-
hydroxylation of naphthalene by cyanobacteria, Oscillatoria and
Agmenellum spp. involve pathways similar to fungus [42–46]. BaP
is known to be transformed to diols, and quinones by marine algae
in a period of 5–6 days. Warshawsky et al. found that Selenas-
trum capricornutum, a freshwater green alga metabolizes BaP to
cis-dihydrodiols using a dioxygenase enzyme system as found in
heterotrophic prokaryotes. It was observed that S. capricornutum
produced 11,12-dihydrodiol under gold light and 9,10-dihydrodiol
under white light. With increasing light energy from gold to
white to UV-A in PAH-absorbing region, BaP quinone produc-
tion increased. The study also concluded that only green algae
almost completely metabolized BaP to dihydrodiols, whereas yel-
low algae and blue green algae failed in metabolizing the PAH.
Higher doses of PAHs prove phytotoxic to algae [47,48]. Certain
algae have been reported to enhance the removal fluoranthene
and pyrene when present with bacteria. Borde et al. [49] first
reported case of photosynthesis-enhanced biodegradation of toxic
aromatic pollutants by algal–bacterial microcosms in a one-stage
treatment. The potential of algal–bacterial microcosms for the
biodegradation of salicylate, phenol and phenanthrene was studied.
Pseudomonas migulae and Sphingomonas yanoikuyae were studied
for phenanthrene degradation. The green alga Chlorella sorokini-
ana was cultivated in the presence of the pollutants at different
concentrations, showing increasing inhibitory effects in the order
salicylate < phenol < phenanthrene. A substantial removal (>85%)
was recorded only in the systems inoculated with both algae and
bacteria and incubated under continuous lighting. Such studies
have demonstrated synergistic relationships in the algal–bacterial
microcosms. Recently different microalgal species have been
reported to degrade fluoranthene and pyrene [50]. The study of
fluoranthene, pyrene, and a mixture of fluoranthene and pyrene
by Chlorella vulgaris, Scenedesmus platydiscus, Scenedesmus quadri-
cauda, and Selenastrum capricornutum has shown that removal is
algal species-specific and toxicant-dependent. PAHs removal in 7
days of treatment was 78% and 48%, respectively by S. capricornutum
and C. vulgaris. The removal efficiency of fluoranthene and pyrene
in a mixture higher than the respective single compound, suggest-
ing that the presence of one PAH stimulated the removal of the
other PAH. A heterotrophic green microalgal strain Prototheca zopfii
immobilized in polyurethane foam has also been reported to help
accumulation of mixture of PAHs in the matix [51], whereas the free
living cells of the alga can reduce PAHs and n-alkanes [52]. Hong
et al. [53] studied the accumulation and biodegradation of phenan-
threne and fluoranthene by the algae enriched from a mangrove
aquatic ecosystem. The isolated microalgal species S. costatum and
Nitzschia sp. were capable of accumulating and degrading the two
typical PAHs simultaneously. The accumulation and degradation
abilities of Nitzschia sp. were higher than those of S. costatum.

Degradation of fluoranthene by the two algal species was slower,
indicating its recalcitrance. The microalgal species also showed
comparable or higher efficiency in the removal of the mixture than
phenanthrene or fluoranthene singly, suggesting that the presence
of one PAH stimulated the degradation of the other. The studies and
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esults obtained show that alga is suitable for PAH bioremediation
nd it acts co-metabolically with bacteria.

. Enzymes in degradation

Enzymes involved in the degradation of PAHs are oxygenase,
ehydrogenase and lignolytic enzymes. Fungal lignolytic enzymes
re lignin peroxidase, laccase, and manganese peroxidase. They are
xtracellular and catalyze radical formation by oxidation to desta-
ilize bonds in a molecule [54,55]. Laccase and Mn-dependent
eroxidase are present abundantly in spent mushroom compost
SMC), whereas the production of ligninase is reported to be
ow and addition of SMC enhances the rate of PAH-degradation.
ogan and Lamar found that the disappearance of PAHs showed
strong correlation with the ionization potentials (IPs) [56].

he IP values, referring to the energy required to remove an
lectron and to form a cation radical are 8.12 for naphthalene,
.03 for phenanthrene, 7.21 for benzo(a)pyrene, and 7.31 for
enzo(g,h,i)perylene [57]. A one-electron oxidation of PAHs can
ake place by peroxidases (IP ≤ 7.35 eV), laccase (IP ≤ 7.45 eV), Mn-
ependent peroxidase (IP ≤ 8.19 eV), and ligninase (IP ≤ 7.55 eV)
57,58]. These enzymes are active at different temperatures. Most
f the enzymes have optimum activity at mesophilic temperatures
nd it decreases with very high and low temperatures. Some of
he enzymes are reported to be active even at extremes of tem-
eratures. Only laccase activity is detected at 5 ◦C. The optimum
emperature is 45 ◦C for laccase, but its activity drops to 30% at
◦C while 31% activity is found at 75 ◦C. On the other hand, the
ctivity of Mn-dependent peroxidase is high even at 75 ◦C. Farnet
t al. [59] reported that the activity of laccase of fungus Maras-
ius quercophilus is optimal at 80 ◦C. Enzymes also show substrate

pecificity but lignolytic enzymes are non-specific acting on phe-
olic and non-phenolic organic compounds via the generation
f cation radicals after one electron oxidation [60,61]. Pleurotus

accase produces hydroxyl radicals [62] while Mn-dependent perox-
dase of fungus Nematoloma forwardii degrades a broad spectrum
f PAHs and aliphatic substances directly to carbon-di-oxide and
olar fission products [29]. A generalized degradation pathway of
AHs has been proposed in different studies. A phthalic deriva-
ive is produced as one of the ring fission products of PAHs by
hite rot fungi and bacteria [58,63]. The derivatization of phtha-

ate results into carbon-di-oxide or highly polar metabolites and the
ignolytic enzymes and ozonation/photocatalytic oxidation act by
ree radical attack on the organopollutants [64]. Thus, the interme-
iates of these three methods are ring opening phthalic derivatives
nd aliphatics such as pentadecane, hexadecane, and nonadecane
61,64].

A higher dose of PAHs in the substrate may also affect the
ctivity/rate of microbial degradation. Verrhiest et al. [26] while
tudying the interaction between a PAH mixture and microbial
ommunities in natural freshwater sediment established that PAH
ose has no effect on the microbial community in sediments up to
range of 30 mg PAH/kg. The PAHs had an effect at higher concen-

ration owing to partial inhibition of the leucine–aminopeptidase
ctivity. The b-glucosidase activity was stimulated by the organic
ollutants at the same concentration. Schutzendubel et al. [65]
ound that during only 3 days of incubation, Bjerkandera adusta
emoved 56% and 38% of Fluorene and anthracene, while Pleuro-
us ostreatus degraded 43% and 60% of these compounds; other
AH were degraded to a lower extent. Except for anthracene in cul-
ures of P. ostreatus, all PAH were removed uniformly during the

ultivation time but Fluorene and anthracene were degraded faster
han other PAH. The fungi produced valuable activity of manganese-
ependent peroxidase but laccase was secreted only by P. ostreatus
nd was strongly induced by the addition of milled wood. The
roduction of the oxidative enzymes did not correlate directly to
zardous Materials 169 (2009) 1–15

the metabolism of PAH. Both fungi showed a very low activity
of LiP during the whole incubation period; the enzyme was not
induced by milled wood. P. ostreatus in the BSM (basic medium)
medium showed activity of MnP only at the end of cultivation. The
addition of wood inhibited production of the enzyme in younger
cultures and increased the activity after 27 days. Laccase activity
was detected only in cultures of P. ostreatus. The first maximum
of activity was reached after 22 days in BSM cultures and BSMW
(basic medium with milled wood) cultures, respectively. In cultures
of both fungi, only a very low and no significant cresolase activity
of the tyrosinase could be detected. In the case of P. ostreatus, the
highest level of anthracene elimination was observed in 12-day-
old cultures (62%). A second maximum in removal of anthracene
was detected after 39 days (18%). Fluorene was degraded to a
high degree in a 7-day-old culture (42%) and was practically uni-
formly removed over the whole cultivation time. Other PAHs were
degraded at an almost constant rate during the 48 days of cultiva-
tion (1 ± 12%). Cultures supplemented with milled wood showed
much lower degradation values: only anthracene (max 23% after 17
days), fluorene (19 ± 30%) and partially phenanthrene (0 ± 8%) were
degraded.

A limitation of essential co-substrates for the monitored
enzymes could be a factor confounding a clear correlation between
the degradation of PAH and the secretion of oxidative enzymes. Sim-
ilar to the role of H2O2 and manganese availability, co-substrates
for the mediated oxidation by laccase could be essential in observ-
ing a clear correlation of PAH degradation and enzyme activity
[66,67]. In the growth phase of fungi and in the absence of neces-
sary extracellular enzymes and/or co-substrates, the degradation of
PAH could take place preferentially by aromatic compound uptake.
High oxidative potential generated by extracellular enzymes in later
stages can enhance PAH degradation or displace the previous mech-
anism.

4. Oxygen: determining the path

The biodegradation of PAHs has been observed under both
aerobic and anaerobic conditions. The microbial communities in
contaminated sediments and soils exist under anaerobic conditions
and biotransformation of pollutants is observed under such condi-
tions. The anaerobic biodegradation of PAHs is a slow process, and
its biochemical mechanism has not yet been elucidated [68,69].
These pathways initiate the biodegradation of PAHs by introduc-
ing both atoms of molecular oxygen into the aromatic nucleus, the
reaction being catalyzed by a multicomponent dioxygenase which
consists of a reductase, a ferredoxin and an iron–sulfur protein [70].
Studies have shown that two- and three-ring PAHs can be degraded
anaerobically [69,71,72], but there is lack of evidences if it is true for
PAHs with more than three rings. PAHs are known to dissipate under
nitrate- and sulfate-reducing conditions. A study by Ambrosoli et al.
[73] reported anaerobic PAH degradation in soil by a mixed bacte-
rial consortium under denitrifying conditions and concluded that
anaerobic biodegradation of fluorene, phenanthrene and pyrene,
seems to be possible both through fermentative and respiratory
metabolism, provided that low molecular weight co-metabolites
and suitable electron acceptors (nitrate) are present.

Recently, novel anaerobic biotransformation pathways of flu-
orene and phenanthrene by sulfate-reducing bacteria (SRB) have
been proposed (Fig. 4) [74]. The SRB was enriched from anaer-
obic swine wastewater sludge and it could biotransform 88% of
fluorene and 65% of phenanthrene in a 21 days period of incu-

bation. It was observed that sulfate reduction was coupled with
biotransformation of fluorene and phenanthrene. Fluorene and
phenanthrene were biotransformed through a sequence of hydra-
tion and hydrolysis reactions followed by decarboxylation with
the formation of p-cresol (only in the phenanthrene system) and
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Fig. 4. Proposed anaerobic biotransformation path

henol. PAH degradation has also been observed in sediments
erived from freshwater aquifers coupled to Fe (III) reduction
75]. There have been several studies on anaerobic degradation of
aphthalene as compared to other PAHs. The rate and extent of
AH degradation is correlated with the number of benzene rings
nd the presence/absence of side chains [76]. Though the anaero-
ic degradation is comparatively a slower process and is limited
y several other factors, it has the advantage of being adopted
n natural environments and cannot be overlooked. The sulfate-
educing bacteria were found to be involved in degradation of
henanthrene under anaerobic conditions [77]. Later, it was added
hat sulfate reducing bacteria constitute a major microbial com-
onent in two-to four-ring PAH degradation, but the methanogen
nd vanomycin microbial populations are also involved [78]. The
ddition of microbial inhibitors like bromoethanesulfonic acid
BESA) (a selective methanogen inhibitor), molybdate (a selec-
ive sulfate-reducing bacteria inhibitor), or vanomycin (a selective
ubacteria inhibitor) delayed PAH degradation. However, it was
nhibited by the addition of humic acid, di-(2-ethylhexyl) phthalate
DEHP), nonylphenol, or heavy metals. Another study reported that
he anaerobic degradation of PAH was enhanced by the addition
f acetate, lactate, pyruvate, sodium chloride, cellulose, or zero-
alent iron [79]. The biodegradation process of hydrocarbons, under
naerobic and reducing conditions, can be hypothesized into three
ajor steps. Initially high concentration of aromatic hydrocarbons

s partly degraded under nitrate and sulfate-reducing conditions to
orm low molecular weight organic acids as metabolic intermedi-
tes. Organic acids act as ligands complexing insoluble Fe (III) oxides
n the aquifer and mobilizing Fe (III). Finally, the mobilized Fe (III) is
vailable for iron reducing bacteria and intensifies the degradation
f aromatic hydrocarbons [80].

Microbial community in the contaminated sediments appears
o be adapted for PAH oxidation in situ as 14C-labelled PAH was
xidized to 14CO2 without a lag. In contrast, there is little, if any
naerobic, PAH oxidation in sediments without prior hydrocarbon
ontamination. Sediments not polluted with high levels of hydro-
arbons can readily be adapted for rapid anaerobic PAH oxidation

nce they are exposed to PAH. The emergence of the capacity
or anaerobic PAH oxidation is accompanied by an increase in
naerobic PAH degraders. This suggests that the appropriate PAH-
egrading microorganisms are present, albeit in low numbers, even

n sediments that are only exposed to low PAH inputs. If PAH con-
f phenanthrene by sulfate-reducing bacteria [74].

centrations increase, these organisms can respond with an increase
in their activity. Thus, it seems likely that most harbor sediments
will develop the capacity for anaerobic PAH degradation when high
levels of PAHs are introduced into the sediments as the result
of petroleum contamination. Therefore, if the introduction of the
PAHs can be subsequently reduced, the sediments may be capa-
ble of significant self-purification, even under anaerobic conditions
[81].

Pure cultures of several anaerobic nitrate-reducing [82,83]
and sulfate-reducing [84] bacteria, capable of degrading PAHs,
have been identified. Most of the bacteria are from the genus
Pseudomonas. The Pseudomonas genus comprises many aerobic
naphthalene-degrading bacteria and accounts for 86.9% of the
hydrocarbon-degrading microorganisms found in gasoline contam-
inated aquifers [85]. Phylogenetic analysis of the PAH-degrading
sulfur-reducing bacteria revealed that the organism belonged to
the Desulfobacterium genus closely related (96.9% sequence iden-
tity) to the strain mXyS 1 which has the ability to grow by anaerobic
m-xylene degradation [86].

From all the studies carried out to date with different aromatic
compounds, such as phenols, cresols, anilines, benzoates, toluene,
benzene, xylenes, nitroaromatic and chlorinated compounds, and
many others, it can be concluded that anaerobic bacteria follow
a strategy that is similar to that of aerobic bacteria [87]. First,
the diverse aromatic compounds are transformed into a few cen-
tral intermediates. Subsequently, the aromatic ring is activated
and cleaved, and the resulting non-cyclic compounds are con-
verted into central metabolites. Under anaerobic conditions, the
major intermediates are benzoate (or benzoyl-CoA) and, to a lesser
extent, resorcinol and phloroglucinol [87,88]. Reactions involved in
the channelling processes that lead to the central intermediates
include carboxylations, decarboxylations, hydroxylations, reduc-
tions, reductive dehydroxylations, deaminations, dechtorinations,
aryl ether cleavages, and lyase reactions. The aromatic central inter-
mediates are reductively attacked, as proposed by Evans in 1977
[89], and cleaved by hydrolysis. The resulting non-cyclic products
are transformed by p-oxidation to central metabolites.
5. Effect of substrate, pretreatment and amendments

The organic pollutants which are in prolonged contact of the
soil are bound to the soil particles and show reduced bioavailability
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owards biodegradation. The phenomenon is known as sequestra-
ion. The phenomenon of contaminant sequestration has recently
een a topic of discussion due to the anticipated impact of this pro-
ess. Since the particles are inaccessible to the solution phase and
re partially immobilized, they pose less risk/threat to the environ-
ent and human health and their remediation carries unnecessary

conomic burden with minimal health and safety benefits [90].
everal mechanisms have been proposed to describe sequestra-
ion of contaminants into/onto organic matter. Different studies
91,92] explain that the interaction of the contaminant molecule
nd soil particle begins with the partitioning of the molecule
nto/onto humic acid or fulvic acid polymer layers present at the
urface of soil particle. Later, the molecule diffuses into the three-
imensional micropores of the particles which are present in the
umin core of the particle and partially inaccessible to the solu-
ion phase by the overlying layer of polymeric humic acid and
ulvic acid [93]. The outer layer of the core is lipophilic and, there-
ore, binds the organic pollutant strongly rendering it recalcitrant
94]. Later it was concluded that organic matter content is not the
nly factor responsible for sequestration. Cation exchange capac-
ty (CEC), micropore volume, soil texture, and surface area, too,
lay a role in it [95]. Studies have also been reported in contradic-
ion to the earlier model of sequestration. White et al. found that
xtraction of soluble organic matter (humic acid and fulvic acid),
eaving humin, increased the extent of PAH sequestration [96]. A
tudy by Bogan and Sullivan, demonstrated that addition of ful-
ic acid or a material rich in fulvic acid can result in higher rate
f contaminant degradation [90]. It concluded that the sequestra-
ion of contaminant molecule is primarily because of the humin
raction. The members of genus Mycobacterium are widely used
n bioremediation of aged contaminated sites. It has been estab-
ished that mycobacteria have exceptionally lipophilic surfaces

hich makes them suitable organisms for the uptake of bound
ollutants from the soil particles. They are also known to have
ood catabolic efficiency towards PAHs up to five benzene rings
97–99].

The biological degradation/extraction of a pollutant can be
nhanced by physical/chemical pretreatment of contaminated soil.
he slow rate of degradation in soil is primarily due to the slow rate
f desorption of contaminants from soil particles and not due to
he slow rate of degradation by the microorganisms. The reasons
or slow desorption are slow diffusion of contaminants through
he pore liquid and through the soil organic matter. In order to
ncrease the rate of diffusion, the soil is subjected to thermal or
hemical treatment prior to the microbial remediation. An increase
n temperature can decrease the soil–water partition coefficient
nd as a result, dissolution of contaminants in water is observed.
he partition-coefficient of PAHs decreases by 20–30% for every
0◦ rise in temperature between 5 and 45 ◦C [100,101]. Apart from
t, the mass transfer within the soil increases with increase in
emperature. The mass transfer depends on the effective diffusion
oefficient, which is proportional to the diffusion coefficient and
nversely proportional to the partition coefficient [102,103]. The dif-
usion coefficient of water increases by 4–5 times with an increase
n temperature from 20 to 120 ◦C and results in about 150 times
ncrease in the effective diffusion coefficient. Bonten et al. [104]
tudied the effects of short-term heating on subsequent biodegra-
ation of PAHs. Heating at 120 ◦C for 1 h increased the degree of
egradation after 21 days of an aged PAH contamination from 9.5%
o 27%. Lower temperatures resulted in smaller increases. Chemical
retreatment for organic soil contaminants is addition of an organic

olvent which increases the rate of mass transfer of hydrophobic
ompounds in soil. Such an increase in the rate of mass transfer may
ead to redistribution of contaminants from sites exhibiting slow
esorption rate to those exhibiting a fast one. The most prominent
ffect of soaking with an organic solvent is a change in partition
zardous Materials 169 (2009) 1–15

coefficient. The soil–solvent partition coefficient decreases expo-
nentially with an increase in acetone concentration [105,106]. A
4:1 acetone–water mixture can desorb more than 95% of all the
PAHs present within an hour [107]. Bonten et al. [104] studied that
soaking of the contaminated sludge in 4:1 (v/v) acetone–water mix-
ture increased the degree of degradation from 9.5% to 20.4% as a
result of dissolution of PAHs. Another chemical technique is the
oxidation with ozone or hydrogen peroxide in combination with
UV-radiation. Usual chemical methods involve a heavy input of
chemicals and formation of harmful residues, whereas UV-ozone
treatment produces no significant toxic products and it can destroy
more than 90% of PAHs [108].

Introduction of a group of natural microbial strains or a genet-
ically engineered variant to treat contaminated soil is termed
‘bioaugmentation’ and it can enhance the rate of degradation.
Addition of biosurfactant-producing microbes can enhance the
bioavailability of PAHs. Addition of biosurfactant-producing bac-
teria (i.e. Pseudomonas aeruginosa) and addition of light oils can
increase the bioavailability of PAHs and metabolic potential of
the bacterial community. Addition of oils includes the inorganic
nutrients and bacterial strains capable of degrading PAHs co-
metabolically (i.e. Sphingomonas paucimobilis) [109]. Surfactant
compounds produced by Pseudomonas aeruginosa can increase the
concentration of PAHs in the aqueous phase of the system. Increases
in aqueous concentrations are generally in direct proportion to the
amount of surfactant present. Inclusion of Pseudomonas aeruginosa
surfactant in the land farm operation can increase the accessibility
of PAHs to soil bacteria [110].

Addition of a carbon source as a nutrient in contaminated soil is
known to enhance the rate of pollutant degradation by stimulating
the growth of microorganisms responsible, termed as ‘biostimu-
lation’. It has been suggested that the addition of carbon in the
form of pyruvate stimulates the microbial growth and enhances
the rate of PAH degradation [111]. It did not show diauxic growth
and accelerated the adaptation of P. putida G7 to naphthalene and
enhanced the rate of in situ bioremediation. Mushroom compost
and spent mushroom compost (SMC) are also applied in treat-
ing organopollutant contaminated sites [112,113]. Addition of SMC
results in enhanced PAH-degrading efficiency (82%) as compared to
the removal by sorption on immobilized SMC (46%). It is observed
that the addition of SMC to the contaminated medium reduced
the toxicity, added enzymes, microorganisms, and nutrients for the
microorganisms involved in degradation of PAHs [114]. In a study
by Guerin [115], polycyclic aromatic hydrocarbons contaminated
soil from a creosoting plant was remediated using an ex situ land
treatment process. The process involved soil mixing, aeration, and
fertilizer addition. The indigenous PAH utilizing microorganisms
were shown to increase during the treatment process, indicating
that biostimulation was effective. The most extensive degradation
was apparent with the 2- and 3-ring PAH, with decreases of 97% and
82%, respectively. The higher molecular weight 3- and 4-ring PAHs
were degraded at slower rates, with reductions of 45% and 51%,
respectively. Six-ring PAHs were degraded the least with average
reductions of 35%.

Laboratory experiments have shown that the rate of biodegra-
dation is more in liquid medium under constant steering than in
soil/medium with soil added in it. The difference is due to the ten-
dency of PAH particles to adsorb on soil particles and this renders
reduced availability to microorganisms [21]. It has been observed
that soils amended with municipal and petroleum sludge have
higher rate of PAH degradation than the rate in soil alone. Since, the

sludge is rich in number of microorganisms and level of different
nutrients, they favour vigorous growth of microbes and enhanced
biodegradation rates. The decrease in nitrate, sulfate, and phos-
phate content in the medium accounted for the consumption as
nutrients during biodegradation.
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Biodegradation of phenanthrene is also affected by the salinity of
egradation medium. Bacteria isolated from mangrove sediments
an degrade phenanthrene [23] and it was observed that bacterial
rowth is directly proportional to the phenanthrene concentra-
ion. But, the rate of degradation of PAH was low in the medium
ith high salinity and it was more in medium with less salin-

ty. The inhibition due to salinity was more when bacteria were
resent individually and the effect was reduced when mixed cul-
ure of all the bacteria was used. It was also reported that the
ddition of glucose, as a carbon source, reduced the inhibition by
alinity.

. Inhibition and co-metabolism

Most of the studies have concentrated on specific biodegrada-
ion rates with single substrate system under aerobic conditions.
ince PAHs are present in mixtures, the effect of substrate inter-
ction in biodegradation is important in understanding the fate
f PAHs. Some studies have presented the evidence that substrate
nteraction affect the biodegradation of PAHs by pure and mixed
ultures. Sometimes, high molecular weight PAHs after low molec-
lar weight PAHs have been utilized/degraded [109], while high
oncentration of naphthalene may have inhibited degradation of
ther PAHs due to toxicity [116]. Stringfellow and Aitken found com-
etitive inhibition of phenanthrene degradation by naphthalene,
ethylnaphthalene, and fluorene in binary mixtures using two

ure cultures [117]. They concluded that the occurrence of compet-
tive inhibition observed with two different pseudomonas species

ight be common among PAH-degrading organisms. The presence
f phenanthrene is reported to inhibit degradation of pyrene [118].
n studies with pure denitrifying isolates, the presence of naph-
halene enhanced both phenanthrene and pyrene degradation,
hereas phenanthrene apparently inhibited pyrene degradation,

hough the observations were not confirmed with metabolite anal-
sis. Bacterial degradation of anthracene by Rhodococcus spp. and
yrene degradation by M. flavescens has also been reported to be

nhibited by the presence of fluoranthene in the medium [22].
ometimes specific strains of microorganisms may also cause inhi-
ition. The effect of surfactant-like compounds, produced by the
icroorganisms, when growing on aromatic hydrocarbons, solu-

ilizes the PAH and leads to an increase in concentration in the
edium. It could also, at times, cause inhibition of the degra-

ation process [119,120]. Some of the studies have reported no
ffect of substrate on degradation. Tsai et al. [74] reported that
uorene and phenanthrene can be degraded by sulfate-reducing
acteria without any inhibition. The degradation rates of fluorene
nd phenanthrene in the single compound systems were 0.136
nd 0.09 d−1, respectively. When both fluorene and phenanthrene
ere spiked into the system, the k1 of fluorene and phenanthrene
ere reduced to 0.098 and 0.072 d−1, respectively. The rate of
uorene and phenanthrene degradation was higher in the single
ompound system compared to the mixed one. The reason for
he inhibition of microbial activity was attributed to high con-
entration of total PAHs. However, other studies have reported
ven the stimulation of degradation of PAHs when present in
ixtures. The biodegradation of PAHs in varying mixture com-

inations by pure culture of Pseudomonas putida strain KBM-1
nder aerobic conditions showed that the presence of naphthalene
2-ringed PAH) stimulated phenanthrene (3-ringed PAH) degrada-
ion 5-fold and pyrene (4-ringed PAH) degradation 2-fold. Findings
hich report co-metabolism have also been made. Yuan et al.
21] reported that the degradation efficiency of microorganisms
s more vigorous when acenaphthene, fluorene, phenanthrene,
nthracene, and pyrene are present simultaneously compared to
he rate of degradation when the PAHs are present individually
ecause the presence of all five compounds provides more carbon
zardous Materials 169 (2009) 1–15 9

source, or cross acclimation may enhance the rate of biodegrada-
tion.

7. Kinetics

The properties of soil determine the activity of its microflora
which is responsible for the degradation of polycyclic aromatic
hydrocarbons (PAHs). Moreover, soil properties influence the
strength of the interactions between the PAHs and individual
soil components. The introduction of sewage sludge into the soil
changes these properties which, in turn, changes environmental
conditions [121]. The range and rate of changes in the content of
individual PAHs determined on the basis of the half-lives exhibited
that they depend on the properties of sewage sludge and sewage
sludge dose. Apart from direct microbiological degradation, losses
resulting from leaching and volatilization, part of PAHs can be con-
verted to bound residues [122], and some part may have been
sequestered into inaccessible microsites in the soil–sewage sludge
matrix through aging [95]. Though a lot of work has been done on
bioremediation of contaminated soils and the dissipation of PAHs
from them, the study of kinetics involved during the process is still
in infancy. Cutright [27] undertook a study to determine the spe-
cific degradation rates for the bioremediation of PAH-contaminated
soils. The kinetics associated with the fungi Cunninghamella ech-
inulata in conjunction with different nutrient supplements was
investigated. It was observed that for a first order kinetics sys-
tem, the rate of change in contaminant was proportional to its
concentration in soil. The prediction of time for bioremediation of
contaminated soil is dependent on the microorganisms, contami-
nant type and its concentration. Further, the development of more
accurate kinetic model requires the monitoring of biomass, res-
piration studies, and study of interactions of different organisms
between them. Though bioremediation has high rate of success, but
the kinetics is still not fully understood and the kinetics become
more complicated when fungi are used for bioremediation. As
explained in earlier section, the different enzymes involved in fun-
gal degradation have optimal activity at different temperatures and
some of them are active even at very high or low temperatures.
Thus, monitoring the kinetics for different fungal strains is diffi-
cult but majority of them have good degradation capacities in a
mesophilic range. The degradation rate can be enhanced by pre-
treatment at a high temperature which results in volatilization
and decrease in the soil–water partition coefficient, as a result
which dissolution of contaminants increases enhancing the rate
of degradation. As far as molecular weight of PAH is concerned,
a limited number of bacteria have been identified that can grow
in pure cultures on PAHs with five or more aromatic rings (high
molecular weight (HMW) PAHs) because the high retention of
these compounds by the solid soil phase results in very low mass-
transfer rates of HMW-PAHs to the bacterial cells to match the basic
metabolic requirements cells. Thus, the degradation rate of HMW-
PAHs is slow [123]. An important factor for the PAH-degradation
activity of bacteria is the pH of soil. The shift of the pH from 5.2 to
7.0 can significantly enhance the rate of PAH degradation by strain
BA 2 [124]. Neutralization of soil is generally favorable for the degra-
dation of mineral oil components by bacteria [125]. However, a pH
of 5.2 should not lead to total inhibition of activity. Maximum PAH
oxidation rates and optimum specific bacterial growth are obtained
near pH 7.0 and 30 ◦C [126].
8. PAHs removal by composting, wetlands and
phytoremediation

There are several microorganisms which can degrade a vari-
ety of contaminants and even the supplements. It has been
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bserved that the addition of straw, compost, manure, etc.
elps to enhance degradation by improving soil texture, oxy-
en transfer, and providing energy to the microbial population.
ischmann and Steinhart [127] reported that in unamended

oil, only aromatics with up to three fused benzene rings were
egraded, whereas soil supplementation with compost helped
o enhance elimination of all compounds monitored. Substantial
esidues after 15 weeks were only found for benzo(a)anthracene,
hrysene, and benzo(a)pyrene, with 11%, 19%, and 54% respec-
ively. Accumulation of ketonic and quinonic degradation products
uch as 9-fluorenone, anthracene-9,10-dione, 2-methylanthracene-
,10-dione, and benz(a)anthracene-7,12-dione was observed in
namended soil material. In mixtures with compost, short-
erm concentration maxima of such products correlated well
ith enhanced contaminant elimination. They concluded that

upplementation of contaminated soils with compost materials
an enhance biodegradation without long-term accumulation of
xtractable polar and more available intermediates. Wong et al.
128] studied the amendment of pig manure with soil spiked with
AHs. The increase in pig manure amendment can enhance the
mount of soluble organic carbon, nitrogen and phosphorus which
n turn increases the number of thermophilic, mesophilic and PAH-
egrading bacteria in early stage of composting. Amendment of
ig manure is beneficial to PAH removal during composting and
emoval efficiency increased up to 90%. Pig manure application at a
ose of 25% is reported to have maximum removal of phenanthrene
nd anthracene. The 3-ring PAHs can be reduced during compost-
ng and maximum degradation takes place in first 3 weeks with a
emoval rate up to 95%, whereas 4-ring PAHs are degraded at a much
lower rate with a reduction of 90% after 5 weeks of composting.
he slow degradation rate might be due to high molecular weight
nd organic carbon partition coefficient [129]. Furthermore, signif-
cant degradation of pyrene occurs after most of the 3-ring PAHs
ave been removed [130].

Phytoremediation is defined as the use of green plants to
emove pollutants from the environment to render them harm-
ess. Plants can take the pollutants up and accumulate them in
oots of foliage. It is an in situ, solar energy regulated technique,
hich minimises environmental disturbance and reduces costs

131]. Moreover, it particularly suits to the treatment of large areas
f surface contamination, when other methods may not be as
ffective. Apart from it, large number of microorganisms is associ-
ted with rhizosphere which results in microbial degradation and
o-metabolism [131]. Several species of grass such as Agropyron
mithii, Bouteloua gracilis, Cyanodon dactylon, Elymus Canadensis,
estuca arundinacea, Festuca rubra, Melilotus officinalis, etc. are
lso known to degrade PAHs [132,133]. Results of an investiga-
ion indicated that grasses and legumes enhance the removal of
AHs from contaminated soils by. The plants included the legume
lfalfa and three grasses: tall fescue, sudangrass, and switchgrass.
yrene and anthracene were used as PAH contaminants. Planted
oils had significantly lower concentrations of the PAHs than the
nplanted soils, with 30–40% more degradation in the planted soils
134]. A mix of eight prairie grasses was studied in sandy loam
oils to determine the degradation of four PAHs (benzo[a]pyrene,
enzo[a]anthracene, dibenzo[a,h]anthracene, and chrysene) stim-
lated by plant growth. The grasses included big bluestem, little
luestem, Indiangrass, switchgrass, Canada wild-rye, side oats
rama, blue grama, and western wheatgrass. PAH disappearance
as consistently greater in planted units compared to unplanted

ontrols, indicating that phytoremediation enhanced the removal

f these compounds from contaminated soil. The biodegrada-
ion was greatest for benzo[a]anthracene followed by chrysene,
enzo[a]pyrene, and finally dibenzo[a,h]anthracene. This ranking
orrelated with the water solubility of the PAH compounds; i.e.,
he more water-soluble the compound the greater its disappear-
zardous Materials 169 (2009) 1–15

ance from the soil [135]. Soil planted with ryegrass was observed to
lose a greater amount of a mixture of hydrocarbons than soil that
was unplanted. The hydrocarbon mixture included n-alkanes (C10,
C14–C18, C22, C24), as well as pristane, hexadecane, phenanthrene,
anthracene, fluoranthene, and pyrene. After 22 weeks, the initial
extractable hydrocarbon concentration of 4330 mg total hydrocar-
bon per kg soil decreased to less than 120 mg per kg soil (97%
reduction) in planted soils, but to only 790 mg per kg soil (82%
reduction) in unplanted soil. Larger microbial numbers and activity
in the planted versus unplanted soil led the authors to conclude that
plant roots enhanced biodegradation of the hydrocarbons by stim-
ulating the soil microbes [136]. Another indirect role that plants
play in the degradation of petroleum hydrocarbons is the release
of enzymes from roots. These enzymes are capable of transform-
ing organic contaminants by catalyzing chemical reactions in soil.
Ref. [137] identified plant enzymes as the causative agents in the
transformation of contaminants mixed with sediment and soil. The
identified enzyme systems included dehalogenase, nitroreductase,
peroxidase, and laccase. These findings suggest that plant enzymes
may have significant spatial effects extending beyond the plant
itself and temporal effects continuing after the plant has died [138].
The phytoremediation potential of two cold-hardy plants, Arctared
red fescue and annual ryegrass, planted together in soil contami-
nated with either crude oil or diesel has also been examined [139].
Results indicated that contaminated soils planted with the two
species had significantly lower concentrations of total petroleum
hydrocarbon (TPH) compared to unplanted controls. The initial
crude oil concentration for planted treatments and unplanted con-
trols was approximately 6200 mg TPH per kg soil, while the initial
diesel concentration was approximately 8350 mg TPH per kg. After
640 days, crude oil contaminated soil planted with both species had
1400 mg TPH per kg soil (77% reduction), while the unplanted con-
trol contained 2500 mg TPH per kg soil (60% reduction). Likewise,
diesel-contaminated soil planted with both species had 700 mg TPH
per kg soil (92% reduction) after 640 days compared to 2200 mg
TPH per kg soil (74% reduction) for the unplanted control. Ras-
mussen and Olsen [140] studied the efficiency of orchard grass
(Dactylis glomerata) towards PAH-removal. The study reported that
a soil/sand mixture vegetated with orchard grass exhibited high
treatment efficiency with an input from the microbial catabolic
degradation by plant exudates.

Wetlands, too, have found an application in PAH removal from
wastewater. Specific macrophytes, microflora and microfauna are
the characteristic feature of wetlands. The intensive biological activ-
ities in such an ecosystem lead to a high rate of autotrophic and
heterotrophic processes. Aquatic weeds Typha spp. and Scirpus
lacustris have been used in horizontal–vertical macrophyte based
wetlands to treat phenanthrene [141]. The removal of phenan-
threne is found to be greater than 99.9%. During the degradation
of phenanthrene, 1-hydroxy-2-napthoic acid (HNA) has been iden-
tified as an initial conversion product. HNA is a naphthalene
derivative and originates from phenanthrene. The occurrence of
HNA as an intermediate metabolite in phenanthrene degradation
indicates the presence of bacterial microflora. Pilot-scale wetlands
have been used for the treatment of PAH-contaminated water
[142], particularly fluoranthene, and the possible role of fungi
in these ecosystems has been investigated. Giraud et al. isolated
40 fungal species from a contaminated wetland and a control
wetland [142]. They reported that fluoranthene was degraded effi-
ciently by 33 species while only 2 species were able to remove
anthracene over 70%. The most frequently isolated species were

Absidia cylindrospora, Mucor hiemalis, Aspergillus fumigatus, Cla-
dosporium cladosporoides, Fusarium solani, and Trichoderma viride.
No PAHs were detected when analyzing the effluent water of the
constructed wetland. An analysis of microbial population showed
an increase in fungal population in the contaminated system when
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Fig. 5. Proposed pathway for microbial cata

ompared to a control pilot wetland. Most of the fungi isolated
rom the wetland degraded PAH efficiently under lab conditions
oo. Some of the fungal species were reported to have inducible
egradative capacities, since their ability to degrade the PAH

ncreased with the increase in degree of contamination. The studies
ill date suggest that phytoremediation is an emergent and novel
echnique for contaminant removal and can be adopted in combina-
ion with microorganisms to maximize the rate of removal. Finally,
hytoremediation may be applied with relative ease using existing
gricultural practices at contaminated sites [143].

. Microbial genetic adaptations

The biodegradation of PAH has been extensively studied and
any microbial strains have been isolated for their ability to
etabolise PAH with varying degradation rates. Pre-exposure of a
icrobial community to hydrocarbons, either from anthropogenic

ources or from natural sources is important in determining the
ate of PAH degradation. This phenomenon, which results in an
ncrease in the hydrocarbon-oxidizing potential of the community
n pre-exposure to high doses of contaminant, is known as adap-
ation. Several studies have reported adaptation and increase in
egradation rate on PAH. Caparello and LaRock [144] studied min-
ralization of hexadecane and degradation of n-alkane mixtures
y bacteria in several surface water and sand samples and con-
luded that areas with greater hydrocarbon burdens had higher
ydrocarbon-oxidizing activity. Sayler et al. [145] showed that
xposure of freshwater sediments to a synthetic oil accelerated
he rate of polyaromatic hydrocarbon (PAH) mineralization. Induc-
ion and depression of enzymes, genetic changes, and selective
nrichment have been defined as three mechanisms for adapta-

ion of microbial communities to chemical contaminants [125]. The
rimary genetic mechanism for the adaptation of the microbial
ommunity is the amplification of genes which are involved in the
etabolism of the chemical contaminant by selective enrichment

nd gene transfer [146]. Monitoring of adaptation to hydrocar-
of polycyclic aromatic hydrocarbons [158].

bons has been made possible by the development of DNA probes
specific for the genes encoding hydrocarbon-catabolic pathways.
Colony hybridization technique has shown a correlation between
the enhanced rates of PAH mineralization in oil-contaminated
sediments and an increase in the number of colonies containing
DNA sequences which hybridized to TOL (toluate oxidation) and
NAH (naphthalene oxidation) plasmid probes [147]. The catabolic
pathway in Pseudomonas putida G7 states that the first enzyme
is a dioxygenase, which converts the aromatic hydrocarbon to
the cis-dihydrodiol. The dioxygenases responsible for the aero-
bic oxidation of lower molecular weight aromatic hydrocarbons
have many similarities, suggesting that they have a common evo-
lutionary origin [148,149]. Genes encoding the dioxygenases of
such compounds have been cloned and sequenced, such as those
belonging to the TOL and NAH families [150,151]. On the other
hand, there is little information about bacterial genes encoding
proteins for the degradation of higher molecular weight PAH,
including phenanthrene, anthracene, pyrene and fluoranthene.
The highly homologous naphthalene degradation genes of the
respective nah, pah, ndo and dox operons in some soil pseu-
domonads are also involved in transformation of phenanthrene
and anthracene [151–153]. The cloned PAH catabolizing genes from
non-pseudomonads is reported in Comamonas testosteroni strains
that have the ability to degrade naphthalene, phenanthrene, and
anthracene [154].

Polymerase Chain Reaction (PCR) and DNA hybridization have
also proved useful in detection of polycyclic aromatic hydrocar-
bon degradation genes in different soil bacteria [155]. Different
strains of Pseudomonas, Mycobacterium, Gordona, Sphingomonas,
Rhodococcus and Xanthomonas which degrade polycyclic aromatic
hydrocarbons (PAH) have been characterized for genes encoding

degradation enzymes for PAH. Genomic DNA from these strains
was hybridized with a fragment of ndoB, coding for the large iron
sulfur protein of the naphthalene dioxygenase from Pseudomonas
putida. A group of seven naphthalene-degrading Pseudomonas
strains showed strong hybridization with the ndoB probe, and five



1 of Ha

G
a
h
b
b
p
m
c
n
w
i

1

l
e
a
u
o
a
t
a
T
s
o
b
a
c
m
f
f
e
v
h
a
A
s
g
o
a
t
p
i
t
i
c
r
r
i

R

2 A.K. Haritash, C.P. Kaushik / Journal

ordona, Mycobacterium, Rhodococcus and Pseudomonas strains
ble to degrade higher molecular weight PAH showed weaker
ybridization signals [155]. This suggests a molecular relationship
etween genes coding for PAH catabolism in various PAH-degrading
acterial taxa, which could be used to evaluate the PAH-degradation
otential of mixed populations. The expansion of the DNA probe
ethod to the detection of genes encoding the catabolism of other

lasses of hydrocarbons, detection of specific RNAs, and recombi-
ant DNA technology can help develop bacterial and fungal strains
ith improved capability for hydrocarbon metabolism and suitabil-

ty as seed organisms for the metabolism of PAHs.

0. Conclusion

Bioremediation is the tool to transform the compounds to
ess hazardous/non-hazardous forms with less input of chemicals,
nergy, and time. It is an approach to degrade/remove pollutants in
n eco-friendly manner. PAH-contaminated sites can be remediated
sing the microorganisms—algae, bacteria, and fungi individually
r in combination [158] (Fig. 5). The bioremediation of a pollutant
nd the rate at which it is achieved depends on the environmen-
al conditions, number and type of the microorganisms, nature
nd chemical structure of the chemical compound being degraded.
hus, to devise a bioremediation system, several factors are respon-
ible which need to be addressed and explored. There are a number
f bacterial species isolated from different environments and capa-
le of degrading PAHs. Acclimatization of these species can serve
s a key for enhanced degradation. The induction of degradation
apacity by exposing the microbes to higher levels of pollutants
ay, at times, result in genetic adaptability/changes responsible

or higher rate of removal. The major group of fungi responsible
or PAH-degradation is of white rot fungi. They have a battery of
nzymes lignin peroxidase and manganese peroxidase which con-
erts PAH to less harmful and simpler forms. Many algal species
ave got the property to biotransform the pollutants to less haz-
rdous ones. Apart from it, some plants can also degrade the PAHs.

universal, consistent, and efficient system can be devised by
imultaneous application of all the microorganisms to get syner-
istically enhanced rates. Pretreatment of the medium or addition
f supplements should be promoted to increase the availability
nd to regulate the degradation kinetics. Monitoring and regula-
ion of the environmental factors in specific areas can help the
lants/microorganisms sustain even in adverse environments. An

ntegrated approach of physical, chemical, and biological degrada-
ion should be adopted to treat/remediate the contaminated sites
n an ecologically favorable process. The emission/disposal of PAH
ontaining waste should be reduced/avoided and its reuse and
ecovery should be promoted. Control at the source can significantly
educe harmful levels in environment and the strategies involved
n mitigation and remediation.
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